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Abstract 
Drainage from steel slag disposal sites can be extremely alkaline and a source of pollution to surface 
and ground waters. Data is presented detailing the hydrogeochemistry of 7 highly alkaline (pH>10) 
steel slag surface discharges in the UK. While there is the consistent presence of Ca-OH type 
groundwater in all the discharges, there are clear disparities in hydrochemical facies within and 
between sites, reflecting native hydrochemistry, source material and hydrogeological setting. The 
longevity of the pollution problem from steel slag disposal sites is highlighted at one site where the 
water quality records date back three decades. The consistent presence of Al, B, Ba, Fe, Sr, V and 
occasional presence of Cr, Mo, Ni, Pb were found at concentrations typically below surface water 
quality standards in the leachates. Some of the monitored metals (Al, Fe, Ni, V) were found to be lost 
from solution downstream of emergence in calcite-dominated precipitates which rapidly form at all 
sites at rates up to 100 g m-2 day-1.  The low concentrations of potentially problematic trace elements in 
both solution and the sediments are discussed with regard development of economically viable passive 
treatment wetlands for highly alkaline industrial discharges.  
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1. Introduction 
Slag is a ubiquitous by-product of iron and steel production principally comprising Ca and Mg silicates 
and alumino-silicates.  Weathering of steel slag can give rise to high pH (pH 9-13) leachates which are 
a potential source of ground and surface water pollution. The hydrolysis of lime (CaO) in slag to 
portlandite (Ca(OH)2) and subsequent dissociation in solution, produces the hydroxyl ion (OH-) which 
elevates solution pH (Eq. 1). The weathering products of Ca-silicates such as rankinite (Ca3Si2O7), 
larnite (Ca2SiO4) and akermanite (Ca2MgSi2O7) can also provide a source of hydroxide alkalinity 
(Roadcap et al., 2005). While the geochemistry of steel slags in the groundwater environment has been 
well described at a small number of slag disposal sites (e.g. Bayless and Schulz, 2003; Roadcap, 2005), 
the constituent and behaviour of steel slag leachate in the surface water environment has received less 
attention. Steel slag leachates are of ecological concern to surface waters due to excess rates of calcite 
precipitation which armour benthic habitats and reduce light penetration to benthic primary producers 
(e.g. Koryak et al, 2002). In addition, elevated concentrations of trace elements (e.g. Cr and V; 
Chaurand et al., 2007) and high sulphate loadings (Griffiths, 2003) may be of concern and a barrier to 
compliance with surface water quality standards, such as those set out by the European Commission’s 
Water Framework Directive (2000/60/EC). 
 
  Ca(OH)2 → Ca2+  +  2OH-   (1) 
 
Remediation options at alkaline leachate sites usually comprise measures which require intensive and 
sustained capital input, such as aeration and acid dosing. Recent research has highlighted the potential 
for wetlands to buffer alkaline leachates as a low-cost, passive approach to remediation (Mayes et al., 
2005; Mayes et al., 2006). Passive treatment wetlands are well-established for a range of similar 
effluents such as mine drainage (e.g. Younger et al., 2002) and coal combustion residue leachates (e.g. 
Hoover & Righnour, 2002). However, the applicability of this technology demands better geochemical 
characterisation of slag leachates, particularly with regard the presence and fate of potentially 
problematic metals / metalloids in waters and precipitates. The weathering of steel slags produces 
numerous simultaneous dissolution, precipitation and surface complexation reactions (e.g. Apul et al., 
2005) which determine contaminant mobility. While leaching tests have highlighted the release of 
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some metals from steel slags, such as Cr and V (Fällman, 2000; Chaurand et al., 2006; Chaurand et al., 
2007), such laboratory and lysimeter tests are typically targeted towards assessing potential trace 
element release from steel slags in their multifarious after-uses in the construction industry.  The 
geochemical behaviour of alkaline leachates at slag disposal sites is likely to be a more complex 
function of the physico-chemical composition and age of the slag and co-deposited wastes; the native 
ground and surface water chemistry; and hydrogeological setting (e.g. flow rates, redox status, 
residence time of water in slag heaps). Such a range in conditions is not readily replicated in laboratory 
or lysimeter tests. The data presented here provide an insight into the hydrogeochemistry of steel slag 
leachates in surface waters at 7 steel slag discharges arising at both active and abandoned steelworks in 
England. This data is used to (1) assess the major and minor elemental composition of the leachates at 
the sites, (2) examine rates of calcite precipitation, and transport and fate of trace elements from three 
of the leachate sources, and (3) consider any physico-chemical or engineering obstacles to potential 
passive treatment of steel slag leachates. 
 
2. Materials and methods 
2.1 Study sites 
The locations of the sites sampled are presented in Figure 1, while summary site background 
information is presented in Supporting Information 1. Four alkaline discharges were sampled at the 
former Consett Iron and Steelworks, which has occupied the site from the middle of the 19th Century 
(Figure 1). In low flow, the Dene Burn receives around 50% of its flow from a subterranean drainage 
network beneath the Grove Heaps area of the site which discharges at location DB1 (Figure 1). These 
heaps were tipped up until the closure of the workings in 1980 and consist of blast furnace bottom and 
steel slag (see Supporting Information 2 for composition). The slag is deposited with other sites wastes 
(e.g. ashes and site demolition waste) over superficial alluvium and glacial till above Lower Coal 
Measures of Westphalian age. The Hownsgill Valley discharge (HV2 on Figure 1) is described in detail 
elsewhere (Mayes et al., 2006) and seeps out of the same tip drainage system as the DB1 source 
upstream of the Dene Burn.  The Howden Burn (sample code HB) drains an area north of the Dene 
Burn previously occupied by the workings blast furnaces, power station and steel plant. HB1 is an 
overflow from the slag mound drainage network, while the HB2 sample station monitors the main 
branch of the Howden Burn upon emergence from the drainage system beneath the former workings 
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hub. This area of 2.9km2 was extensively landscaped after workings closure with tipped waste up to 
45m depth comprising slag, flue dusts, ashes and C&D rubble (Harver and Forth, 2001). Reference 
samples for the Consett site were taken from a headwater location in the Hownsgill Valley (HV1), 
upstream of the former steelworks site. The Consett discharges were monitored every two-three weeks 
between January and December 2004. In addition, spot samples have been collected from the sites over 
the period over 2006 and 2007. The HB2 and DB2 discharges have also been historically monitored for 
major physico-chemical parameters and some metals by environmental regulators (the Environment 
Agency and its predecessor the National Rivers Authority), providing a long-term monitoring record 
for the discharges. Simultaneous water quality monitoring and flow measurement was undertaken at 
various locations downstream of the HB2 and DB1 drainage streams in low flow conditions to quantify 
rates of calcite precipitation and transport/attenuation of trace elements downstream of the leachate 
sources.  Instream sample locations are detailed in Figure 1. 
 
Coatham Marsh is a wetland nature reserve occupying a low-lying coastal area on the grounds of the 
active Redcar Steelworks in Cleveland, northeast England.  Large expanses of steel slag (and other 
wastes including municipal and C&D wastes) have been deposited on the site between the 1960s and 
the early 1980s over superficial alluvium and glacial boulder clay which lie above Rhaetic Beds and 
Keuper Marl of Triassic age. The groundwater table lies within 2 metres of the ground surface across 
much of the marsh, and as such there is perennial percolation of alkaline leachate from slag mounds 
deposited close to ground level at several locations. Two discharges of alkaline leachate enter a 0.5km 
length of drainage ditch to the south of the site draining steel slag mounds (Figure 1b). Samples were 
taken at two-week intervals over a five-month period from four locations along the ditch which 
included an upstream control sample station (CM1), two distinct leachate source zones (CM2-3) and a 
sample station downstream of the leachate emergence (CM4) prior to discharge into a lake.  
 
Samples from the active Scunthorpe Steelworks, Lincolnshire were taken from a drainage ditch 
receiving leachate from steel slag used as fill for an adjacent site road. Samples were taken from one 
location downstream of leachate emergence (SC1) on a monthly basis between February and 
November 2004, in addition to spot samples from February and March 2007.   
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2.2 Methods 
On-site measurements of major physico-chemical parameters (pH, electrical conductivity, Eh relative 
to a H2 electrode and water temperature) were undertaken using a Myron L Ultrameter calibrated on 
each sample day with pH 4, 7 and 10 buffer solutions and a 1413µS conductivity standard.  Sample 
alkalinity was assessed in the field using a two-stage titration against 1.6N H2SO4 with phenolphthalein 
(to pH 8.3) and bromcresol green-methyl red indicators (to pH 4.6) to facilitate calculation of the 
constituents of sample alkalinity (i.e. hydroxyl, carbonate and bicarbonate alkalinity). For each sample, 
three polypropylene bottles were filled, one of which was acidified with trace analysis grade 
concentrated nitric acid (for total cation and trace element analysis), one of which was filtered (with 
0.45-µm cellulose nitrate filters) prior to acidification (for dissolved cation and trace element analyses) 
and the other left untreated (for anion analysis).  Acidification of steel slag samples was found in 
preliminary sampling to be sufficient for recovering >99% of the suspended sediment load which is 
predominantly present as Ca-rich phases. For the most alkaline samples (e.g. CM2-3, HB1, HV2), the 
acid required reached approximately 5% by volume of the samples. All samples were analysed (within 
one week of sampling) for major anion species using a Dionex 100 Ion Chromatograph and major 
cation and minor elements using a Varian Inductively Coupled Plasma Optical Emission Spectrometer 
(ICP-OES). Triplicate samples were taken periodically, rather than routinely, for logistical reasons, in 
accordance with Quality Assurance/Quality Control procedures detailed by APHA (1998). Reliability 
of sample analyses was tested by charge balance calculations. An electro-neutrality within ±5% was 
considered to be of suitable accuracy. Hydrochemical data were analysed using the geochemical code 
PHREEQC v.1.5.10 (Parkhurst and Appelo, 1999) with the WATEQ4F database to calculate saturation 
indices (SI) of relevant mineral phases on a log scale. To assess the significance of differences between 
concentrations of various chemical species at leachate-impacted and reference samples, Wilcoxon 
signed rank tests were undertaken on the data using SPSS v.15 (given the data are strongly right-
skewed – see Results & Discussion). These analyses highlight differences in chemical concentrations 
between sample sites while accounting for variation in concentrations over time related to flow changes 
by pairing sample dates (when relative flow condition was the same at all sites). Flow at the Consett 
and Coatham sites was determined by the velocity-area method using a Valeport model 801 flow meter 
with flat electromagnetic sensor suited to the small streams that were gauged.  Estimates of surface area 
of the monitored reaches were determined using the software ArcGIS® v9.1 and Ordnance Survey 
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Land-LinePlus® data to assist in calculation of area-adjusted calcite precipitation rates. Streambed 
samples were taken at all locations from surface horizons (depth up to 5cm), which predominantly 
comprised calcareous carbonate crusts for all but reference sites. X-Ray Diffraction (XRD) analyses 
were performed on selected freeze-dried powdered samples using a PANalytical X’Pert Pro 
diffractometer (fitted with an X’Celerator) with a Cu-Kα radiation source (λ=1.5406Å) at a scan speed 
of 2.5deg/min. Phase identification was carried out by means of the X'Pert accompanying software 
program High Score Plus and the ICDD database, Sets 1-49 (1999 version). Acid digestion was carried 
out on all substrate samples following the method detailed in British Standard 7755-3.9 (BS, 1995), 
prior to ICP-OES analysis of digested samples. 
 
 
3. Results and Discussion 
 
3.1 Leachate constituent - major elements 
The average major ion constituent of source leachate samples is detailed in Table 1 alongside analyses 
from upstream reference samples where applicable. Table 2 displays the constituent of digested 
sediments at each sample location, while Table 3 presents mean saturation index data for phases that 
were supersaturated on at least one occasion alongside summarises of the XRD analyses. The mean pH 
of the leachate sources ranges from 10.3 (HB2) and 12.4 (CM3).  Both the DB1 and HB2 sources are 
mixed with surface runoff (with a pH of <7) in subterranean drainage systems prior to emergence, 
hence the lower mean pH values of 10.4 and 10.3 respectively at source and the greater variability over 
time (see frequency distributions in Figure 2a-b and higher standard error values in Table 1). The right-
skewed frequency distribution of pH measurements (Figures 2a-b) highlights short-term dilution effects 
from surface runoff, which lowers pH from ambient values close to 11. These higher pH values are an 
enduring characteristic of baseflow in the streams over the past 30 years (Figure 2c).  
 
At the discharges undiluted by surface runoff prior to emergence (HB1, CM3 and HV2), pH broadly 
correlates with temperature (Figure 3), which may in part reflect the saturation of the ground water in 
equilibrium with Ca-OH, a trend documented elsewhere in slag impacted groundwaters (Roadcap et 
al., 2005). The field data is however seen to fall approximately 1 pH unit below a theoretical saturated 
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Ca(OH)2 solution curve which is a feature of carbonate alkalinity in the samples. This carbonate 
alkalinity arises from a combination of atmospheric CO2 being taken into the water column upon 
emergence of the leachate (Eq. 2-5) and HCO3- naturally occurring in the groundwaters draining 
through the slag mounds (Table 1). The modelled CO2 fugacity at the leachate sources ranged from 1.2 
× 10-6atm (DB1) to 5.4 × 10-10atm (HB1), compared to a typical atmospheric value of 3.2 × 10-4atm. 
This highlights the rapid transfer of gaseous CO2 into solution upon emergence, a process in contrast to 
the degassing of CO2 which occurs as calcite precipitates in natural petrifying springs (Ford and 
Williams, 2007). The range in calculated pCO2 values reflects the differences in carbonate alkalinity 
which accounted for between 13% (HB1) and 90% (DB1) of total alkalinity at the leachate sources.  
 
CO2  (g)   →   CO2  (aq)     (2) 
 CO2  (aq)  +  H2O ↔ H2CO3    (3) 
 H2CO3  ↔ H+  +  HCO3-   (4) 
 HCO3-     + OH-  →  H2O   +      CO32-    (5) 
Ca2+   +  CO32-  ↔ CaCO3   (6) 
 
All discharges are characterised by rapid calcite precipitation (EQ 6) upon leachate emergence. Mean 
saturation index values for calcite range from +1.35 (CM2) to +2.78 (CM3 – see Table 3), which are 
sufficient for the homogenous precipitation of calcite in solution at all sites (Ford and Williams, 2007). 
Comparison of filtered and unfiltered Ca analyses (Table 1) indicates the significant portion of 
particulate Ca in the water column, while the presence of calcite is confirmed in the bed sediments at 
all discharges by XRD (Table 3 and Supporting Information 4). Ca values in the digested precipitates 
approach 40% weight (Table 2) suggesting a high purity of calcite stoichiometrically.  
 
Geochemical modelling and XRD analyses also suggests supersaturation of other calcium carbonate 
phases in leachate source zones including aragonite and the metastable polymorph of calcite: vaterite, 
both of which were found in precipitate samples at leachate emergence HB2. The presence of aragonite 
is not surprising given it may precipitate in preference to calcite in solutions charged with strontium 
ions, presumably due to the ions causing distortions within the crystal lattice (Mondadori, 1977), while 
vaterite has been identified elsewhere in weathering products of portlandite (e.g. Suzuki and Ohtsu, 
 8 
2004). Samples of precipitates from further downstream of the HB source however only record calcite 
as present. This suggests that aragonite and vaterite are not particularly stable under the atmospheric 
conditions downstream of emergence and tend to alter to calcite. The predominance of calcite in the 
precipitates limits the potential of XRD to detect other phases that may only be present in lesser 
quantities (<20% mass), which stresses the importance of geochemical modelling to identify potential 
trace phases downstream of leachate sources. The disparity between predicted and confirmed 
secondary phases in similar alkaline drainage has been highlighted previously at analogous fly ash 
disposal sites (e.g. Donahoe, 2004). 
 
Although field Eh readings must be viewed with caution, they facilitate a broad characterisation of 
redox status, and in this case show all the leachate sources to be slightly anoxic with the exception of 
SC1. The emergence of most the leachates from subterranean drainage systems (HV1, HB1, HB2, 
DB1) is reflected in the anoxic nature of the discharges. The influence of the anoxic groundwater 
environment in the slag mounds draining to CM2 and CM3 is also clear in changing the redox status of 
the receiving surface waters relative to the oxic upstream sample station (CM1). The moderate anoxia 
recorded at most leachates is not sufficient for sulphate reduction in the leachates, but could influence 
the mobility of trace elements associated with slag drainage. The SC1 sample monitors shallow, sub-
surface leaching from a slag-fill embankment, flowing into a much larger and aerated surface water 
course. 
 
The hydrochemical facies of the leachates are seen to vary markedly between and within sites, 
reflecting native groundwater quality and leachate sources. The reference samples at Consett (HV1) are 
dominated by Ca, Mg and HCO3, typical of Coal Measures drainage in the region (Younger, 1995). 
The HV2 leachate source is similar in character to the reference sample but is dominated by Ca-OH 
type leachate from the dissolution of portlandite in the steel slag mounds (Eq. 1).  The input of leachate 
also leads to significant elevations in K concentrations above reference samples (see Supporting 
Information 3 for significance testing of concentrations of various chemical species in leachate-
impacted sites against reference sites). The DB1 leachate source downstream of HV2, shows similar 
hydrochemical facies but is diluted by urban surface drainage prior to resurgence, hence the elevated 
Na and Cl concentrations from de-icing salt runoff. The two leachate sources in the Howden Burn 
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drainage system (HB1 and HB2) differ quite markedly from HV2 and DB1 and are mixed waters 
dominated by K, Na, Ca, and sulphate. Sulphate concentrations exceed 2500mg/L at HB2 on occasion, 
and although elevated sulphate is a common characteristic of slag drainage waters (e.g. Griffiths, 
2003), the particularly high concentrations here are a feature of drainage from the former power station 
and coke works area of the workings (Figure 1).  At these locations, a range of wastes were co-
deposited with steel and blast furnace slag including coke works spoil and ashes, and iron slags which 
have a high sulphur content (Harver and Forth, 2001). The exceptionally high K content of HB1 and 
HB2 is a likely feature of highly-soluble potassium oxides associated with flue dusts and ashes 
deposited with slag.   
 
The Coatham Marsh reference sample is dominated by Na-Cl, typical of brackish waters at this coastal 
setting. The addition of Ca-OH type groundwater from slag mounds at CM2 and in particular CM3 
significantly raises pH and the Ca content of the waters (Supporting Information 4) and slightly dilutes 
most other major ion species. Similar to patterns observed at HV2, a sharp fall in Mg content of the 
waters is apparent at both CM2 and CM3 relative to upstream waters.  
 
The Scunthorpe sample (SC1) is dominated by Na and Cl, despite the input of diffuse Ca-OH 
dominated leachate from a slag-fill road embankment. The salt enrichment at the site is again a feature 
of runoff from site access roads.  The leachate influence is seen to be variable over time (hence high 
standard error values in pH and Ca), being diluted in winter months by surface runoff.  Elevated 
sulphate in the samples may be in part a feature of wider slag drainage across the site, but as with the 
HB samples, the sulphate source is most likely related to drainage from coke works spoil upstream of 
the leachate emergence, where deposits of ferric oxyhydroxides were visible. Variable Mg 
concentrations are apparent at the site, which fall below detection limits when pH is elevated. Although 
geochemical modelling suggests the consistent supersaturation of the waters at HV2, CM2, CM3 and 
SC1 with respect to brucite (Mg(OH)2) and dolomite (CaMg(CO3)2), no evidence of these phases was 
apparent in XRD analyses. While this does not rule out the presence of the magnesium phases in trace 
quantities, the widespread loss of Mg is most likely explicable by co-precipitation with calcite. 
Digestion analysis of the precipitates at all sites shows the Mg content to vary between 280 (CM2) and 
30100mg/kg (CM3) highlighting a significant Mg sink in secondary precipitates (Table 2).  
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Silicon is soluble at high pH and present in all the leachate sources, at total concentrations ranging 
from 1.9 (DB1) to 7.1mg/L (SC1).  A significant portion of this Si is present in particulate form, as 
evidenced by the difference between total and filtered samples (Table 1). The presence of quartz in 
precipitate samples at DB1, HV2 and HB1 may suggest Si in the water column is present as SiO2 that 
can pass through a standard 0.45-µm filter, as noted in other slag drainage studies (e.g. Roadcap et al., 
2005). However, the modelled waters were found to be undersaturated with respect to any crystalline 
silica phases and the presence of quartz in the precipitates is a probable feature of contamination from 
upstream fluvial sediments. Si in the precipitate samples were typically recorded at values less than 
reference samples suggesting there is not a major loss of Si from solution downstream of the leachate 
sources as pH falls.   
 
Two of the principal components of steel slags are Fe and Al oxides (e.g. Supporting Information 2). 
Fe and Al are present in leachates at all sample locations, but often at values no greater than reference 
samples.  At the pH and Eh values observed at the sites, Fe and Al would be expected to rapidly 
precipitate as oxide, hydroxide or carbonate minerals. Waters at all sites are consistently supersaturated 
with respect to a range iron and aluminium oxides, hydroxides and oxyhydroxides (Table 3). Peak total 
Fe concentrations in excess of 1mg/L were recorded in the HB2 and DB1 discharges, with over 80% of 
this being in particulate form. The source of the Fe is difficult to discriminate in the HB and DB 
drainage streams given the presence of surface runoff which can contain significant quantities of Fe 
(e.g. from de-icing salt runoff; Mayes et al., 2008), but the presence of Fe at all discharges highlights 
slag as a consistent Fe source. Fe was also a significant constituent of precipitate samples (ranging 
from 2300mg/kg at HV1 to over 15000mg/kg at CM3) but none was detected in crystalline form 
through XRD. Al is also predominantly present in particulate form in the water column (Table 1) up to 
total concentrations of 2.6mg/L at DB1. Accumulation of Al in the precipitates is also apparent (up to 
4700mg/kg at CM3), but values are typically lower than reference samples. 
 
3.2 Leachate composition - minor elements 
The presence and fate of steel additives such as Cr, Cu, Ni and V in leachates is an important factor in 
determining the potential toxicity of drainage waters and the feasibility of passive treatment 
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technologies. The concentration of minor elements in water samples are presented in Table 1 alongside 
surface water quality standards (where applicable) applied in the UK to offer a broad indication of the 
magnitude of the concentration. Concentrations of As, Co, Sb and Se in waters were below detection 
limits (of 5, 1, 10 and 10 µg/L respectively) at all sites and sediment concentrations were equal to, or 
less than reference concentrations.  
 
Sr is present in all of the leachate discharges at total concentrations 100µg/L (CM2) to 4000µg/L (HB2) 
higher than reference samples. Sr has a low solubility at high pH and its presence predominantly in 
dissolved form suggests it may be present as colloidal material that can pass through a 0.45µm filter.  
Geochemical modelling suggested all the leachate waters were close to, or supersaturated with respect 
to strontianite (SrCO3), but its presence in precipitates was not confirmed by XRD analyses. Sr was 
present in low to moderate concentrations in the streambed precipitates ranging from 374 to 
3000mg/kg higher than reference samples, suggesting co-precipitation or uptake of Sr in rapidly 
precipitating calcite as the mechanism of Sr loss from solution. Mean Ba concentrations in the 
leachates range from 4 (HB1) to 920µg/L (CM2). Although Ba content of precipitates is generally 
higher than reference samples (Table 2), all leachate waters were consistently undersaturated with 
respect to Barite (BaSO4) or other Ba phases, suggesting a similar uptake mechanism to Sr in calcite 
precipitates. Of the other trace elements analysed only B and V are present above detection limits in all 
the leachates.  Both B and V are soluble at high pH and present in total concentrations up to 167 (HB2) 
and 81µg/L (SC1) respectively, predominantly in dissolved form. Concentrations of B in the sediments 
are similar to reference samples, suggesting that some B is taken up in secondary Ca-rich phases, 
possibly via co-precipitation as has been documented elsewhere for some oxyanionic species at high 
pH including As, B and Se (Bothe and Brown, 1999; Iwashita et al., 2001)., V was observed at slightly 
higher concentrations in precipitates than reference samples, particularly at the Consett discharges also 
suggesting some attenuation of V in the precipitates.  The concentrations of dissolved V in the 
leachates at SC1, CM3, HB1 and HB2 approach and occasionally exceed EQS, but mean values fall 
below them at all sites.  
 
The Coatham Marsh leachate emergences are a source of Ni (CM2 and 3) and Pb (CM3 only), with 
total concentrations up to 70µg/l being significantly higher than reference samples (Supporting 
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Information 4). Both these metals are soluble at high pH and concentrations in the precipitates are less 
than reference samples, suggesting minimal loss of these species from the water column to sediments. 
The Ni concentrations fall below surface water quality standards while the Pb concentrations 
occasionally exceed EQS for the hardness values encountered at the site. 
 
The SC1 sample shows enrichment of many trace elements given the runoff it receives from various 
parts of the workings. It is not possible to discriminate the specific contribution of the slag leachate to 
the trace element load in the sampled drainage ditch from the single sample.  Concentrations of Cr, Mn, 
Mo, V and Zn are all moderately high and occasionally in breach of surface water quality standards 
(Table 1). Despite the slight elevations in solution of some trace elements at SC1, they are not found in 
secondary precipitates at concentrations above quality standards or reference conditions. 
 
At Consett, only at the HV2 and HB1 discharges can any increase in trace element concentration be 
explicitly associated with slag sources given the mixing of slag heap drainage with surface drainage 
prior to emergence at DB1 and HB2.  Both the latter discharges have concentrations of Mo above 
reference samples while DB1 also has slightly elevated Cd and Pb. Cd and Pb are commonly 
documented at elevated concentrations in highway runoff (e.g. Westerlund, 2003). The mean Cd 
concentration at DB1 was 0.3µg/L with a maximum recorded value of 7µg/L (n = 40), which exceeds 
the 5µg/L EQS on 4 sample occasions. The occasional peak values are more indicative of surface 
runoff (particularly flushing from highways) than the slag sources which typically record fairly 
consistent trace metal composition (Table 1; Mayes et al., 2006). Enrichment of the HB1 discharge 
with Cr, Cu, Mo and Ni at concentrations significantly higher than reference samples suggest that these 
elements in particular have a source associated with the slag mounds, as HB1 is sampled at an overflow 
from the slag heap drainage system that is not diluted by surface runoff. The concentrations of the 
elements for which surface water quality standards are currently prescribed in the UK (Cr, Cu and Ni) 
all however fall below EQS suggesting the presence of these metals in the leachates are unlikely to be 
of significant environmental concern. The HV2 source represents another undiluted source to the south 
of the site but in contrast is relatively trace element-poor with only Al and Sr at concentrations 
significantly higher than reference samples.  
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3.3 Calcite and metal transport rates 
Calcite precipitation rates are important to ascertain as a critical design parameter in potential passive 
remediation schemes (e.g. Mayes et al., 2006). In addition, given the presence of potentially toxic 
metals in some of the leachates (albeit at low concentrations), the fate of metals is an essential 
consideration for the long-term feasibility of wetland treatment systems. Accumulation of problematic 
elements such as As, Cr or Cd in surficial sediments in passive treatment systems can be a significant 
barrier to feasibility due to potential availability to fauna (e.g. PIRAMID Consortium, 2003).  In 
addition, the concentration of trace elements in preliminary lagoon or wetland sediments can affect the 
legal waste classification of sludge routinely dredged from treatment systems to levels that potentially 
require costly disposal operations. 
 
Precipitation rates and metal transport were assessed at the Dene Burn (DB) and Howden Burn  (HB) 
discharges and at the Coatham Marsh leachate sources. Mass balance estimates between successive 
sample locations were made during low flow when dissolved solute concentrations are at their highest. 
Figures 4a-e display loadings (i.e. dissolved concentration multiplied by flow) of selected metals and 
major ions in the water column downstream from the HB and DB emergences respectively. Na and K 
curves are presented as an example of conservative major ion behaviour downstream of the leachate 
sources. Only at HB7 and DB6 are significant changes in the loading of conservative ions apparent, 
which reflects the input of water from tributaries (Figure 1). In contrast, loadings of Ca and CO3 are 
seen to consistently fall downstream of leachate emergence as attested by the lack of overlap in the 
error bars. The rates of loss of Ca and HCO3- can be used to estimate area-adjusted calcite precipitation 
rates (using Eq. 7) which vary between 14.0 and 48.2g day-1 m-2 in HB and 62.2 to 100.8g day-1 m-2 in 
DB. The higher precipitation rates in DB are likely to be explicable due to greater carbonate alkalinity 
than HB, suggesting carbonate availability may be a limiting to precipitation rate in high pH waters. 
These rates are significantly higher than those documented across a natural wetland downstream of the 
HV2 discharge using a variety of methods, which range from 0.4 to 14g day-1 m-2 (Mayes et al., 2006). 
This is a likely consequence of greater aeration of the waters (and thus CO2 uptake) in the HB and DB 
channels, which follow steep, cascading longitudinal profiles over calcareous rimstones (gradients of 
0.09 and 0.05 respectively compared to <0.01 across the HV wetland). Figures 4b and 4e also highlight 
the slight attenuation V from solution in the precipitated solid phases. Other metals of potential toxicity 
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present at significant levels in dissolved form (notably B and Mo) do not show any significant loss 
from solution downstream of leachate sources. While there is no measurable change in dissolved 
loadings of Fe and Al downstream of the leachate emergences (given dissolved concentrations are 
close to, or below detection limits), total loadings of both Fe and Al are seen to fall downstream of the 
discharges. These total loading curves are plotted in Figure 4c along the course of the HB stream 
drainage stream.  The total Fe and Al removal rates (i.e. the sum of losses from solution in all reaches) 
downstream of the HB and DB leachate sources equate to 2.9gFe day-1 m-2 and 1.9gAl day-1 m-2 (HB); 
and 1.59gFe day-1 m-2 and 1.1gAl day-1 m-2 (DB). This highlights the attenuation of the poorly 
crystalline Al and Fe oxide/oxyhydroxide phases predicted by geochemical modelling in the calcite-
dominated precipitates. 
 
At Coatham Marsh, rates of calcite precipitation estimated from mass balance calculations downstream 
of CM3 are in the range 6.0 to 17.5g day-1 m-2.  Calcite precipitation is accompanied by significant 
losses of Sr, Ni and V from solution in the reach downstream of CM3 (Supporting Information 5). The 
surface sorption of divalent metals onto calcite is widely reported (Zachara et al., 2001) and may 
represent a mechanism for the removal of Sr and Ni from solution. Although metal concentrations in 
the secondary precipitates at CM3 are not present in concentrations above reference samples at the site 
(Table 2), which are particularly metal-rich because of highway runoff, the concentrations are higher 
than those recorded immediately upstream of the CM3 leachate source (CM1 and CM2) suggesting the 
loss of these metals from solution in the reach between CM2 and CM3. 
 
3.4 Scope for passive treatment 
Previous work has highlighted the potential of wetlands to buffer highly alkaline influent waters 
(Mayes et al., 2005; 2006). These studies inferred the importance of biological activity in accelerating 
calcite precipitation across wetlands and identified macrophytes tolerant to high pH. However, issues 
of trace element mobility and accumulation at high pH sites require evaluation as part of passive 
treatment feasibility assessment. Secondary precipitates have been seen to act as a sink for some 
elements (e.g. Al, Fe, Ni, Sr and V), a pattern identified at other slag disposal sites (e.g. Bayless and 
Schulz, 2003) and sites with similar leachates from fly ash weathering (Donahoe, 2004). Low 
accumulation rates of these trace metals relative to the high calcite precipitation rates are reflected in 
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low concentrations of trace metals in the secondary precipitates. Although there are no formal 
freshwater sediment guideline concentration values in the UK at present, the Threshold Effects Level 
(TEL – below which adverse biological response is unlikely to be encountered) and the Probable 
Effects Level (PEL – above which adverse biological effects are frequently expected) defined by 
Environment Canada are being informally adopted for interim guidance on fluvial sediment quality 
(Environment Agency, 2004). Comparison of these guideline values with the data reported here (Table 
2) shows only Pb to slightly exceed the lower TEL (where listed in Environment Agency, 2004) in 
secondary precipitates at one of the leachate sources (HV2). At this site however, Pb concentrations 
were also in excess of the TEL in reference samples (HV1). For metals reported here that do not have 
thresholds listed in Environment Agency (2004) (i.e. Co, Mn, V), an alternative broad assessment of 
the magnitude of the metal concentrations in the precipitates can be made through comparison with a 
the FOREGS European baseline geochemical database (Salminen, 2003) which provides the most 
systematic and comprehensive survey of the metal content and variability in fluvial sediments (amongst 
other media) across Europe (using the aqua-regia digestion methods employed in this study). These 
data are also listed in Table 2 and show that Co, Mn and V concentrations recorded in precipitates here 
are at concentrations similar or less than EU baseline values.  
 
In addition to the buffering properties of wetland substrates (Mayes et al., 2006), removal of metals in 
secondary precipitates could provide a significant additional benefit of passive treatment systems.  
Indeed, the potential application of steel slag weathering products for treating metal-rich waste waters 
has been highlighted by workers elsewhere (e.g. Ochola and Moo-Young, 2004), and could represent a 
viable after-use for calcite-rich sludge that would be routinely removed from passive treatment 
systems. Further data from a range of sites; tests on bioavailability of metals and their long term fate 
(e.g. potential release as calcite dissolves with pH fall in treatment systems) would improve confidence 
with regard metal mobility in constructed treatment systems.  For the sites studied here however, metal 
accumulation in sediments is unlikely to prohibit the development of passive treatment systems on the 
grounds of eco-toxicity.  
 
To assess the engineering feasibility of passive treatment at the leachate sources monitored in this 
study, projected wetland treatment system sizings can be calculated using Eq. 7. Target effluent 
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concentrations of 30mg/L Ca are set which data from this range of sites suggest is the approximate 
level at which SIcalcite values suggest calcite precipitation would not be appreciable and therefore not 
degrade downstream benthic habitat (Mayes et al., 2006). Calcite precipitation rates are taken as 5g 
day-1 m-2, which is the mean value of the range reported across a temperate wetland system receiving 
steel slag leachate (Mayes et al., 2006).  The predicted sizes (Table 4) range from <5m2 at low-flow, 
moderate-to-high pH sites (CM2) to >14000m2 at moderate flow, high pH sites (HB2). These are well 
within the range documented for economically viable mine drainage treatment systems (e.g. Younger et 
al., 2002), subject to the availability of suitable land to house the systems. The size estimates could also 
be viewed as precautionary where site topography permits the inclusion of gravity-driven aeration 
cascades in passive treatment chains, given the higher calcite precipitation rates documented in this 
study in cascading surface waters at HB and DB.  Similar management protocols (e.g. use of 
preliminary settlement lagoons where possible) and maintenance schedules would however be required 
at alkaline leachate sites to those used at mine drainage wetlands to maintain hydraulic efficiency of 
treatment wetlands over time with substrate accretion from precipitating solids and accumulation of 
organic matter. 
 
a
tid
R
CCQA )( −=       (7) 
 
A =  area (m2); Qd = mean daily flow-rate (m3 day-1); Ci = mean daily influent contaminant 
concentration (mg l-1); Ct = concentration of contaminant in final discharge (mg l-1); Ra  = area adjusted 
contaminant removal rate (g m-2 day-1). 
 
4. Conclusions and further research 
The data provided here highlight the presence of trace metals (As, Cr, Mo, Ni and V) in slag leachates 
and secondary precipitates at low concentrations that should not provide a barrier to the development of 
passive remediation wetlands at some steel slag drainage sites. Data on slag leachate composition at 
other slag disposal sites covering a range of ages would assist in evaluating whether the low metal 
concentrations encountered are a feature of the ages of the slag mounds encountered here (typically 
>20 years), or whether metal leaching from slag under environmental conditions is more generally 
 17 
limited by the low solubility of metal-bearing phases or sequestration in secondary precipitates. This 
study has also highlighted the problems of discerning specific sources of metals in environmental 
disposal situations. Further studies should (1) determine the form of metals (where present) in the 
leachates (e.g. oxidation states of V and Cr in particular) to assess potential toxicity, (2) assess the 
modes of trace metal sequestration in secondary precipitates downstream of leachate sources and (3) 
examine the long-term fate of metals in secondary precipitates under the range of hydrogeochemical 
conditions encountered in passive treatment wetlands.   
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Figure 1. Location map of the study sites. 
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Figure 2a. Frequency distribution of water pH downstream of the DB leachate source; Figure 2b. 
Frequency distribution of water pH downstream of the HB leachate sources; Figure 2c. Water pH at the 
HB and DB discharges over time. 
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Figure 3. The relationship between water pH and temperature at the HV2, HB1 and CM3 discharges. 
The continuous line shows the temperature change of a saturated Ca(OH)2 solution 
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Figure 4. Mean low flow loadings (n = 3) and standard error (y error bars) of selected determinands 
downstream of the HB (Figures 4a-c) and DB (Figures 4d-e) leachate sources. All plots show dissolved 
concentrations on a log-scale with the exception of Figure 4c which displays total loads.   
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Table 1. Mean hydrochemical composition of the leachate sources and reference samples. Data 
presents total values except ‘HB2 (filtered)’. Reference samples are italicised.  ‘<’ denotes all values 
were below the given limit of detection. EQS = Statutory Environmental Quality Standard.  Standard 
error of the mean is presented in parenthesis. n = 8 for SC1; 7 for CM1-3; 16 for HV1-2 and HB1; 40 
for DB1 (except B, Ba, Mo, Se, Si, Sr and V: n = 16)  and 95 for HB2 (except B, Ba, Mo, Se, Si, Sr 
and V: n = 16)  
 
 
Determinand HV1 HV2 HB1 HB2 DB1 CM1 CM2 CM3 SC1 HB2 
(filtered) 
EQS  
Flow (L s-1) 0.12 (0.1) 0.12 (0.1) 0.5 (3) 2-50 5-200 0.03 0.03 0.04 <5 -  
pH 7.2 (0.8) 11.9 (0.1) 11.8 (0.1) 10.3 (1.4) 10.4 (1.2) 7.9 (0.2) 11.9 (0.1) 11.9 (0.1) 10.6 (0.2)  6-9 
Temperature 
(oC) 
9.8 (2.0) 9.8 (2.0) 11.6 (0.5) 10.3 (0.4) 8.9 (0.4) 10.4 (0.6) 10.9 (0.9) 8.8 (0.2) 12.1 (1.4)   
Specific 
conductance 
(µS) 
430 (12) 2384 
(250) 
3452 
(484) 
2011 
(188) 
1171 
(200) 
2203 (44) 2203 (44) 7879 
(760) 
1865 
(477) 
  
p.e. (V) 3 (10) 0.7 (0.1) -0.06 
(0.06) 
-0.06 
(0.07) 
-1.7 (0.5) 1.2 (0.2) -1 (0.2) -3.61 
(0.2) 
   
Major ions 
mg/L 
           
Ca 31 (3) 194 (21) 195 (40) 134 (9) 85 (15) 40 (2) 40 (15) 601 (74) 71 (7) 124 (11)  
Mg 12 (2) 1.6 (1) 1.1 (0.7) 1.4 (0.5) 6 (0.6) 9 (0.3) 0.4 (0.1) 0.1 (0.1) 5 (1) 0.8 (0.7)  
K 3 (1) 11 (1) 432 (114) 464 (22) 22 (23) 129 (3) 128 (4) 124 (5) 49 (2) 460 (25)  
Na 11 (2) 13 (1) 145 (26) 171 (18) 18 (23) 316 (8) 284 (7) 258 (9) 171 (6) 166 (13)  
Cl 21 (3) 34 (11) 32 (13) 73 (42) 98 (28) 421 (9) 375 (6) 326 (10) 116 (6) 70 (33)  
SO4 41 (5) 45 (7) 673 (174) 682 (62) 124 (8) 138 (6) 59 (5) 52 (3) 327 (17) 680 (58)  
Total Alkalinity 95 (8) 432 (50) 303 (60) 85 (6) 96 (9) 177 (3) 174 (22) 776 (63) 133 (17)   
OH modelled  131 76 27 9  43 222 19   
CO3 modelled  82 111 11 85  66 189 97   
HCO3 modelled 116     216      
Trace elements 
(µg/L) 
           
Al 150 (20) 330 (20) <10 170 (30) 240 (60) 320 (120) 410 (170) 540 (310) 300 (60) <10  
B 80 (40) 40 (10) 120 (5) 170 (10) 60 (10) 140 (8) 56 (23) 70 (12) 121 (80) 164 (10) 2000+ 
 26 
Ba 110 (30) 80 (1) 4 (1) 20 (1) 200 (70) 830 (120) 120 (30) 850 (230) 60 (12) 15 (6)  
Cd <0.1 <0.1 <0.1 <0.1 0.3 (2) <0.1 <0.1 <0.1 <0.1 <0.1 5 
Cr <5 <5 22 (4) 7 (5) <5 <5 <5 <5 12 (3) <5 50*+ 
Cu <5 <5 <5 <5 <5 40 (13) 70 (35) 60 (21) <5 <5 28*+ 
Fe 510 (40) 370 (10) 110 (30) 820 (260) 410 (220) 920 (340) 320 (170) 550 (310) 390 (40) 54 (24) 1000+ 
Mn 160 (20) <5 <5 10 (7) 100 (22) 170 (10) <5 <5 40 (10) <5  
Mo <5 <5 24 (1) 10 (1) 10 (8) <5 <5 <5 45 (2) 7 (1)  
Ni <10 <10 <10 <10 <10 20 (10) 40 (19) 70 (27) <10 <10 200*+ 
Pb 40 (20) <5 <5 <5 <5 20 (5) 10 (1) 70 (30) <5 <5 20*+ 
Si 1840 
(420) 
820 (430) 3000 
(120) 
2610 
(150) 
1880 
(400) 
2100 
(230) 
2200 
(320) 
1990 
(230) 
7700 
(1100) 
<10  
Sr 130 (50) 360 (10) 1450 
(120) 
4100 
(1200) 
350 (69) 310 (70) 380 (10) 2230 
(180) 
1740 
(360) 
4000 
(845) 
 
V 6 (1) 3 (1) 21 (3) 46 (2) 19 (5) 40 (30) 20 (3) 120 (13) 81 (12) 27 (8) 60*+ 
Zn <5 <5 <5 27 (3) 40 (15) <5 <5 30 (8) <5 <5 7.8* 
* = hardness related, value quoted for high hardness values encountered here; + = as dissolved fraction 
which can pass through a 0.45µm filter. 
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Table 2. Composition of digested sediments. All values in mg/kg. Reference samples have a ‘ref’ sample code suffix. ‘*’ denotes Threshold Effects Level (TEL) 
concentration – see text. All other quality standard / reference values are European reference values from Salminen (2003). 
 
Determinand HV1 ref DB1 DB2 DB3 HB1 HB2 HB3 HV2 CM ref CM1 CM2 CM3 SC1 Quality 
standard / 
reference 
Major elements               
Ca 111152 303800 378000 400400 390200 394300 433400 360400 286300 373700 390800 381900 292970 - 
Mg 2438 3580 3466 2158 8050 3738 2800 7373 12600 13670 280 30130 22050 - 
K 290 450 381 202 1100 908 952 262 19004 817 767 8830 565 - 
Na 988 390 377 330 685 153 382 235 20830 11150 10574 17734 1448 - 
Fe 13900 8683 3039 1312 8223 1993 1865 13518 6261 16701 7326 15443 4190 - 
Al 2547 1232 676 213 303 493 4253 693 2457 2976 115 4738 3582 - 
Si 733 278 374 201 401 511 633 320 1704 5121 1763 6988 6000 - 
Minor elements               
As 1.1 1.0 0.3 0.3 1.2 3.6 6.8 <0.2 1.9 2.9 0.1 1.2 9.1 5.9* 
B 4.9 7.6 5.3 1.6 1.1 5.1 24.0 7.2 7.7 4.2 2.0 3.9 43.5 - 
Ba 165 293 240 125 140 31 70 133 145 70 66 130 125 117 
Cd 0.4 0.2 <0.1 <0.1 0.5 0.5 0.4 0.4 0.2 <0.1 <0.1 <0.1 0.1 0.6* 
Co 4.1 2.2 0.8 0.3 0.5 0.1 0.8 2.1 2.2 0.5 0.2 0.8 1.0 10.3 
Cr 5.1 9.6 5.3 2.0 15.3 3.0 6.4 10.0 6.5 1.2 0.6 1.5 9.3 37.3* 
 28 
Cu 6.5 17.2 5.2 2.8 5.0 4.6 4.7 6.0 186 2.3 1.5 6.5 6.4 36.7* 
Mn 730 275 336 59 190 200 240 257 4784 2545 2370 7199 474 716 
Mo 0.7 0.7 0.1 0.1 3.2 2.6 3.1 0.2 0.5 0.1 0.1 0.2 0.8 1.3 
Ni 10.0 4.2 1.5 1.4 2.2 1.4 1.7 2.9 5.9 1.8 1.4 3.0 1.9 18* 
Pb 37.4 17.8 16.4 6.1 20.1 14.4 30.2 59.9 29.1 5.3 3.7 11.5 18.4 35* 
Sb 37.2 18.8 3.6 0.8 20.8 18.7 <0.5 26.0 12.4 0.6 <0.5 1.3 5.9 1.1 
Sr 10 384 47 458 3001 1359 1581 227 7134 6216 3542 1022 1706 171 
Ti 149 86 54 8 40 7 3 65 541 6 3 8 35 0.7 
V 8 28 30 15 36 12 17 28 18 17 15 3 48 33 
Zn 88 30 15 4 38 17 20 90 47 4 2 5 17 123* 
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Table 3. Solid phases predicted in the leachate samples by geochemical modelling and confirmed 
presence of crystalline phases by XRD in secondary precipitates (‘●’ denotes presence; ‘#’ denotes no 
model output for this particular phase).  
 
Species HB1 HB2 HV2 DB1 CM2 CM3 SC2 
Aragonite (CaCO3) 1.61 2.1 (●) 2.58 1.86 1.19 2.62 1.79 
Brucite (Mg(OH)2) 0.88 -0.36 -1.55 -0.88 0.36 -0.03 0.39 
Calcite (CaCO3) 1.76 (●) 2.25 (●) 2.73 (●) 2.02 (●) 1.35 (●) 2.78 (●) 1.94 (●) 
Cuprite (Cu2O) - - - - 0.09 6.34 - 
Cupric ferrite (CuFeO2) - - - - 13.63 15.65 - 
Diaspore (AlO(OH)) -1.97 -0.29 -1.3 0.10 -0.28 -0.63 0.4 
Dolomite (CaMg(CO3)2) 1.31 2.57 0.73 3.24 0.86 1.43 2.45 
Fe(OH)2.7ClO3 3.84 5.04 - 5.16 6.21 6.16 4.44 
Fe(OH)3(a) 0.37 1.32 - 1.22 1.02 0.68 0.99 
Fe3(OH)8 -2.84 1.73 - 3.93 1.66 2.46 -0.6 
Goethite (FeOOH) 5.74 6.75 - 6.53 6.15 5.80 6.52 
Hematite (Fe2O3) 13.42 15.46 - 15.00 14.22 13.51 14.99 
Huntite (CaMg3(CO3)4) -8.20 -6.24 -7.67 1.3 -8.36 -7.33 -0.9 
Maghemite (Fe2O3) 4.14 6.04 - 5.83 5.19 4.78 5.37 
Magnesite (MgCO3) -0.98 -0.22 -2.54 0.7 -1.13 -1.61 -0.04 
Magnetite (Fe3O4) 11.82 16.61 - 18.41 13.72 15.28 14.63 
Ni(OH)2 - - - - 0.34 2.47 - 
Quartz (SiO2) -1.60 -1.81 (●) -2.71 (●) -0.51 (●) -3.42 -3.18 -1.55 
Strontianite (SrCO3) 0.42 1.18 0.54 0.29 -0.09 1.06 -0.46 
Vaterite (CaCO3) # # (●) # # # # # 
 
 
Table 4. Projected wetland sizings required for the leachates monitored in this study. 
 
Site Mean influent 
Ca2+ (mg/L) 
Indicative 
flow (L/s) 
Required 
size (m2) 
HV2 194 0.12 340 
HB1 195 0.5 5391 
 30 
HB2 134 3 14256 
DB1 85 5 4769 
CM2 40 0.02 4 
CM3 602 0.02 198 
SC2 71 5 3559 
 
